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Summary 

The characterization of the transfer of pesticides to and in groundwater is essential for 
effective water resource management. Intensive monitoring, from October 1989 to May 2006, 
of a weakly karstified chalk aquifer system in a 50 km2 agricultural catchment, enabled the 
characterization of the temporal variability of pesticide concentrations in the groundwater of 
the main outlet. Atrazine and its metabolite deethylatrazine were quantified 394 and 393 times 
in 476 samples with concentrations ranging from the quantification limit (0.025 μg L−1) to 5.3 
and 1.86 μg L−1, respectively. This common presence, compared to the rare detections of 
isoproturon (in 108 of 476 samples), the pesticide most widely used in the catchment during 
at least the past decade, highlighted the significant effect of pesticide properties in the time 
series of concentrations observed in the groundwater. The use of geochemical tracers (nitrate, 
chloride) analysed in the groundwater and the hydrodynamic monitoring of the system 
(discharge, water levels) enabled identification of various infiltration mechanisms governing 
the functioning of the system. The hydrodynamic study showing that the relative contribution 
of the infiltration mechanisms varies with time, made it possible to explain major variations 
observed in the pesticide-concentration time series recorded at the spring. 
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Introduction 

There is growing evidence of the deterioration of groundwater resources due to agricultural 
practices not only in North America and Europe ([Barbash et al., 2001], [EEA, 1999] and 
[IFEN, 2004]) but also in countries less studied until now ([Brena et al., 2005], [Singh et al., 
2005], [Tariq et al., 2004] and [Thapinta and Hudak, 2003]). In some places, pesticide 
concentrations now exceed the European drinking-water limit of 0.1 μg L−1 per substance 
(except for aldrin, dieldrin and heptachlor, for which the limit is 0.03 μg L−1). In many 
countries (United Kingdom, Denmark, Switzerland), drinking water is partly or dominantly 
supplied by groundwater, notably in France where 60% of the supply comes from aquifers. 
Assessing the extent of pesticide contamination in aquifer systems and understanding the 
transport of pesticides to groundwater is, therefore, of major importance for the management 
of groundwater resources (Lapworth et al., 2006). 

Various spatial scales can be used for studying the transfer of pesticides. Although laboratory 
experiments (batch, soil columns) enable to a certain extent parameter disaggregation, they 
cannot take into account parameters such as spatial variability and hydrodynamic phenomena. 
An intermediate scale involves recreating in the laboratory, with some simplification, 



phenomena likely to be encountered in the field (undisturbed soil columns, lysimeters). 
Another approach, very integrating but for which the mechanistic interpretation is difficult, is 
to carry out field studies at the scale of entire hydrological systems. Few published data exist 
at this scale concerning intensive monitoring over relatively long periods, whether at 
catchment outlets ([Baran et al., 2007], [Morvan et al., 2006] and [Rowden et al., 2001]) or at 
observation points spread over the basin ([De Guzman et al., 2005] and [Lapworth et al., 
2006]). Only a few studies have been published in which both hydrogeological contexts and 
hydrodynamics have been taken into account ([Baran et al., 2007] and [Lapworth and 
Gooddy, 2006]). 

Atrazine (ATR) and isoproturon (IPU) are herbicides currently detected in groundwater 
([Carabias-Martinez et al., 2003], [Gooddy et al., 2001], [IFEN, 2004] and [Pucarevic et al., 
2002]). The greater risk of ATR leaching compared to that of IPU has been demonstrated by 
comparison of sorption, volatilization and mineralization processes of both molecules in 
various soils ([Boivin et al., 2005] and [Mordaunt et al., 2005]). Considering ATR and IPU 
degradation in chalk, Johnson et al. (2000) reported that, under certain conditions, IPU can be 
degraded in the unsaturated and saturated zones of a chalk aquifer, whereas atrazine is never 
degraded. Issa and Wood (1999) also showed that the degradation rate of IPU is higher than 
that of ATR in the unsaturated zone of chalk. These observations might indicate that, for 
similar applied quantities, there is a greater risk of groundwater contamination by ATR than 
by IPU. 

In France, the Cretaceous chalk of the Paris Basin is a major aquifer formation. Its study is 
also of international interest because chalk is the largest aquifer formation in England 
(Johnson et al., 1998). The chalk is characterized by a porous matrix (pore sizes between 0.2 
and 2 μm) with a total porosity of 30–40% and a low hydraulic conductivity at saturation 
(10−9–10−8 m s−1, Price et al., 1993; 1.3 × 10−8 m s−1, Brouyère et al., 2004). The permeability 
of chalk is due largely to the presence of fissures. Although the porosity associated with the 
fissures is very low, their contribution to the saturated hydraulic conductivity is predominant. 
Price et al. (1993) reported porosity values associated with fissures of around 0.01% and 
saturated hydraulic conductivity values ranging between 10−5 and 10−3 m s−1. 

According to Mathias et al. (2005), migration within the matrix is significant and cannot be 
disregarded, even if it is very slow (<1 m per year), nor can transfer through fissures be 
ignored. The respective contribution of each transfer pathway remains to be determined, 
especially since exchanges of water and solutes between the matrix and the fractures are also 
involved ([Brouyère et al., 2004] and [Fretwell et al., 2005]). Contaminants can either migrate 
quickly along fissures or be strongly retarded in less mobile water within the matrix, 
depending on the degree of saturation of the chalk. The mobility and retardation of 
contaminants is therefore influenced by factors such as recharge conditions prevailing at the 
top of the chalk formation and the structural characteristics of the chalk ([Brouyère et al., 
2004] and [Haria et al., 2003]). 

The dissolution of the chalk that occurs preferentially in existing fissures can lead to the 
formation of conduits that in turn produce karst systems. Karst aquifers are known to be 
vulnerable because the recharge through sinkholes short-circuits the soil and the unsaturated 
zone and its potential for contaminant attenuation. Studies have shown that variations in 
nitrate concentrations in karst aquifers result not only from the temporal variability of 
nitrogen input but also from the various types of aquifer recharge. Toran and White (2005) 
demonstrated that variations of calcium and nitrate concentrations revealed types of recharge, 



recharge being a mixture of fast and slow pathways. Thus, various tools can be used for 
characterizing aquifer recharge. One of them is the analysis of the groundwater concentrations 
of chloride ([Aquilina et al., 2006] and [Ribolzi et al., 2000]), a not reactive, conservative 
tracer introduced by rainfall and fertiliser (Négrel and Pauwels, 2004) and which can be 
concentrated in soils during dry periods. 

The aims of our study were to (i) monitor a chalk aquifer for several years in order to 
characterize the temporal variability of groundwater contamination by ATR, IPU and their 
metabolites; (ii) calculate annual pesticide mass balances for a period of 13 years with 
contrasted climatic conditions; and (iii) identify the different mechanisms influencing water 
and solute transfer and evaluate their impact on pesticide concentration time series. To reach 
these objectives, a 17-year monitoring programme in an agricultural catchment (50 km2) 
corresponding to a weakly karstified system developed in chalk (the Trois Fontaines aquifer 
system, France) was conducted. The programme included hydrodynamic, geochemical and 
pesticide measurements. 

Materials and methods 

The hydrological system 

The boundaries of the Trois Fontaines karst hydrological system, developed in Paris Basin 
chalk in the eastern part of the Loiret department (France, Fig. 1), have been precisely 
determined by piezometric measurement campaigns (Lasne, 1992). The system, intensively 
characterized by Lasne (1992), has an area of around 50 km2 and two main outlets –the Trois 
Fontaines springs, which discharge 55% of the total outflow, and the Moulin de Loinces 
springs which discharge 30–40%. In addition, there are minor springs in the bed of the Cléry 
river. The average thickness of the unsaturated zone is about 25 m, with a maximum of 
around 36 m. The bottom of the aquifer overlies less permeable chalk. The aquifer is totally 
unconfined. 

Morphologically, the terrain is an undulating plateau inclined slightly to the northwest and cut 
by dry valleys. The elevation varies between 105 m, the elevation of the system’s lowest 
outlet, and 184 m. 

The hydrographic network functions only intermittently. Dye tracers injected into sinkholes 
visually observed confirmed the existence of rapid circulation (velocity of several meters per 
hour) between the sinkholes and the basin’s outlets. Although sinkholes were observed, no 
karst conduits accessible to humans were found. Indeed, the system is only weakly karstified. 

Soil maps were drawn with data from 270 hand auger samples and 1000 observations of the 
surface layer (Baran, 1999). Three major pedological units were identified. The first, leached 
soil (or luvisol – FAO Classification), usually with a loamy–clayey texture and commonly 
hydromorphic, covers 51% of the surface of the basin, mostly in the lower part of the system. 
The second unit, covering 34% of the surface area, mostly in the upper part of the system, is 
degraded luvisol, with a tendency to crusting. The remaining 15% are rocky or alluvial and/or 
colluvial soils present mostly in thalwegs. 



Meteorological data 

A national meteorological service rain gauge, installed in 1971 but recording comprehensive 
time series only since 1983, is located in the upstream part of the hydrogeological basin about 
11 km south of the springs. The annual rainfall calculated for the hydrologic year (September 
to August) varied by a factor of about 2 (517.2 and 1002.1 mm for hydrologic years 1991–92 
and 2000–01, respectively) during the period for which data are available (1982–2005), with 
an annual average of 734.6 mm (Fig. 2). The year 2004–05 showed a rather large water deficit 
after three years of near average rainfall. The estimated return periods are the inverse of the 
exceedance probability (p) for dry years and 1/(1 − p) for wet years. This estimation enables 
to highlight the exceptional character of the 1991–92 and 2000–01 cycles, which were 
particularly dry and wet, respectively. Although rainfall appeared to be relatively well 
distributed throughout the year (monthly averages vary between 49.8 and 72.3 mm), the 
months of September, October, November, December and May were on average wetter. 

Daily potential evapotranspiration (PET) values, calculated using the Penmann–Monteih 
equation, were taken from the closest national meteorological station providing such data, 
located about 70 km west of the catchment. During the study period, the highest values were 
recorded in 1990 and 2003 (1011.4 and 952.8 mm, respectively) and were much greater than 
the average for the period (817 mm). The lowest values (below 700 mm) were recorded, in 
increasing order, in 1981, 1979, 1978, 1987, 1980, 1988. 

Discharge measurements and piezometric heads 

The discharge at the main spring was continuously measured from January 1989 to December 
1999, November 2000 to December 2003 and July 2004 to May 2006 (Fig. 3). The gaps were 
caused by various technical problems. The on-line continuous pressure-head measurements 
were converted into discharge values with a calibration curve adapted for the weir. Various 
gauging campaigns enabled verification of the correct functioning and calibration of the 
sensor. The weir can be used to measure up to a maximum discharge of 198 L s−1. Beyond 
this value, the measurement is biased because flooding in the Cléry River, located about 
100 m downstream from the springs, blocks outflow from the spring. 

While the spring was pumped only several hours a day at the beginning of the monitoring 
campaign for the drinking water supply, the installation in March 2005 of a water treatment 
plant requiring the continuous immersion of bacterial filters led to an increase in the pumping 
rate. The discharge measured at the spring was corrected for these pumped volumes. 

Three high density piezometric measurement campaigns (2–3 piezometers km−2) were done 
over the entire basin in February 1988, September 1990 and March–April 2003. Consequence 
of the variable climatic conditions, hydrodynamic contexts on these dates were very different 
according to piezometric data gathered manually almost every week since January 1990 at the 
Bissaugerie well located in the upstream part of the basin (Fig. 5). 

Agricultural context 

The Trois Fontaines aquifer system is located in a region of intensive agriculture with a 
predominance of polyculture. There are no urban or industrial point sources of pollution 
within the basin. About 80% of the surface area of the drainage basin is usable farm land, 
12% is woods, and the remaining 8% is used for housing, roads and oil exploitation. During 



the years 1992–93 to 1996–97, a survey of farmers growing crops on around 50% of the 
usable farm land enabled to map land use and list the pesticides that were applied. Cereal 
crops, notably wheat, predominated and occupied around 50% of the cultivated surface area. 
Corn, rapeseed, sunflowers and fallow land each occupied about 10%. The remaining 10% 
was planted with various crops such as onions, alfalfa, and grassland. As a direct result of the 
cropping system, isoproturon (IPU), a wheat herbicide, was widely used. In weight, it 
accounted for around 24% of all of the products used. It was followed by trifluraline, another 
herbicide used on wheat, as well as on rapeseed and sunflowers (6%), and thereafter by 
various molecules including atrazine (ATR), a corn herbicide (5%). A survey of other 
possible pesticide users such as SNCF (the French railways), municipalities, highway 
maintenance services, etc. showed that IPU and ATR were used solely for agricultural 
purposes during the period of our study. 

Unfortunately, no information is available concerning the use of specific pesticides in the 
basin after 1997, because the presence of over 60 farmers in the basin made further data 
collection incompatible with the resources available for the complete study. Agricultural 
practices for the periods without data from interviews with farmers (1959–92, 1997–2006) 
were therefore estimated, based on evolutions in pesticide regulations at the national level. 
The maximum application rate for IPU was reduced from 1800 to 1200 g ha−1 on January 1, 
2004. For ATR, the 1959 maximum application rate of 2500 g ha−1 was reduced to 1500 in 
1990, and then to 1000 g ha−1 in 1997, before the use of this molecule was banned on 
September 1, 2003. No specific data on nitrate loads in the catchment were collected. 
However, data obtained at the regional scale showed that loads were quite constant during the 
past decade with an average bought quantities of 111 t of nitrogen per year (±14.5 t) for 33 
cropping years (1972–73 to 2004–05 – Unifa, 2007). 

Monitoring and analysis 

Two pesticide molecules, IPU and ATR, and several of their metabolites, 
monodesmethylisoproturon (MDIPU), didesmethylisoproturon (DDIPU), desethylatrazine 
(DEA) and desisopropylatrazine (DIA), were measured for 13 years (February 2, 1993–May 
16, 2006) in a total of 476 samples collected at an average rate of one every 10 days (±17 
days), the longest interruption occurring between June 1, 2004 and April 19, 2005. Since the 
monitoring period was particularly long, both extraction and analytical techniques used for 
determination evolved. Analyses were first done by liquid phase chromatography with diode 
array detector after liquid–liquid extraction, and later (since January 2005) with solid phase 
extraction and LC/MS/MS determination. The detection limits also evolved during the 
campaign but were always equal to or less than 0.05 μg L−1 for all of the molecules studied. 
Physico-chemicals properties of these molecules are shown in Table 1. 

Chloride and nitrate ions were measured 1330 times since January 25, 1989, at average 
intervals of 4.75 days (±9.1 days), the highest frequency being about one sample every two 
days up until June 1994. Initially determined by colorimetric methods, these ions were 
determined by capillary electrophoresis since the end of 1992. For both ions, the detection 
limit is 0.5 mg L−1 and the measurement precision is less than 10%. 



Statistical treatment 

To better understand the relationships between different variables, principal component 
analysis (PCA) was done using XLSTAT® software, with correlation tests using a threshold 
value of α = 0.05. 

Results and discussion 

Global hydrodynamic functioning 

Various piezometric measurement campaigns enabled identification of the boundaries of the 
hydrogeological system and the distribution of hydraulic gradients. The hydrological system 
had a very marked drainage axis flowing SE–NW (Fig. 1). This differed significantly from the 
surface hydrographic network, which flowed for the most part S–N. The drainage axis 
corresponded to a zone where dissolution/karstification has increased the permeability of the 
chalk. The piezometric domes that indicate the boundaries of the system attested to the 
existence of zones that are either little or not at all karstified, and where flow is slow. The 
comparison of the piezometric maps obtained for three different dates that correspond to 
different piezometric states (based on almost continuous data gathered at the Bissaugerie well 
– Fig. 5) showed the temporal stability of the system’s boundaries and the persistence of the 
drainage axis. 

At the Bissaugerie well, located in the drainage axis about 8600 m from the Trois Fontaines 
springs, the greatest range in water levels measured during the study period was 17.02 m, with 
a minimum level of 123.95 m on September 17, 1993, and a maximum of 140.97 m on March 
14, 2002 (Fig. 5). The 1988–93 period corresponded to five consecutive deficit hydrological 
cycles, which explains the low levels reached in the autumn of 1993. The years 2002 and 
2003, with near average rainfall, followed three wet years (1999, 2000 and 2001 – 2001 
being, in addition, rather exceptional with a return period of 24 years). In addition to these 
inter-annual cycles, annual cycles were visible with periods of low water levels in September–
November and high water levels in March–May, depending on the hydrological year. For 
example, the high-water period was not clearly discernible during the 1992–93 cycle due to 
low recharge, whereas it was well marked in 1994–95. 

The observed water-level variations were correlated with discharge variations recorded at the 
Trois Fontaines springs where intra- and inter-annual cycles were also visible (Fig. 3). A drop 
in discharge rates to around 30 L s−1 in the autumn of 1993 in response to a rainfall deficit in 
1988–93 was also particularly visible. The discharge then increased and was greater than 
100 L s−1 until 2001–03. Within this general trend, there were also periods of lower discharge 
during each hydrological cycle. There were other minor, short-term variations in the average 
daily discharge time series. These were caused by rainy periods (e.g., June 1993), which can 
occur at any time during the hydrological cycle, not only when the soil is saturated. They 
were characterized by water flowing rapidly in the large voids (fissures and/or conduits) as a 
result of immediate infiltration. Such immediate infiltration, which is the rapid response of the 
system to a rainfall pulse, was also marked by sharp increases in chloride and nitrate 
concentrations caused by the inflow of water enriched in mineral anions due to 
evapotranspiration (Lasne, 1992) even if the volume of water corresponding to immediate 
infiltration is limited compared to the volume corresponding to the base-flow of the spring. As 
the base-flow increased during the second part of the monitoring period and the volume of 
immediate infiltration can be considered rather constant, the impact on discharge and water 



quality is less visible during the second part of the time series. There was, thus, both slow and 
rapid flow within the aquifer. Conceptually, slow infiltration corresponds to the low 
transmissivity–high storage part of the groundwater system while rapid flow through fissures 
and/or conduits that might be related to sinkholes corresponds to highly permeable parts of 
the aquifer formation. No physical measurements were done on site to determine the size of 
fissures or conduits but according to Maurice et al. (2006), fissures in chalk several 
millimetres wide can generate apparent velocities of several kilometres per day. The existence 
of such fissures is therefore conceivable and might explain the existence of rapid circulation 
under certain climatic conditions. 

Nitrate concentration time series 

Nitrate concentrations varied by a factor of 2.5 during the monitoring, from 25.7 mg L−1 on 
April 12, 1992 to 63.8 mg L−1 on February 27, 2003 (Fig. 3). The concentrations generally 
decreased between 1988 and the summer of 1992, before increasing again to their maximum 
values in 2001 and 2002. The general trend was similar to that of spring discharge. The 
discharge rates and nitrate concentrations were, indeed, significantly (α = 0.05) positively 
correlated (r = 0.676; n = 1184) which means that the increases in discharge associated with 
recharge caused a degraded water quality by increasing the nitrate content. Similar 
observations were made between chloride and discharge (r = 0.666). The very good 
correlation between nitrate and chloride concentrations (r = 0.992) confirmed the agricultural 
origin of the contamination, these two elements being fertilizer components (Négrel and 
Pauwels, 2004). At the spring, during long dry periods, nitrate concentrations generally 
decreased. This was probably due to the fact that a greater percentage of the discharge was 
relatively older groundwater from the more diffuse-flow parts of the flow system, as 
suggested by Rowden et al. (2001). This older water appeared to be less contaminated than 
the more recent water that contributes to increased discharge. Short-time variations of nitrate 
concentrations were also observed in accordance with flow variations (Figure 3 and Figure 4 
– December 1992, February 1993, October–December 1993, etc.) as a consequence of 
immediate infiltration. In the present case, therefore, variations in nitrate concentration 
seemed to be more closely related to the hydrodynamic context than to limited changes in 
agricultural practices, as known at the regional scale. 

IPU concentration time series 

IPU concentrations of several tenths of a μg L−1 were detected in 23% of the samples 
collected at the system’s outlet (108 out of 476 – Fig. 3). The maximum concentration was 
2.32 μg L−1, measured on October 2, 1996. Such periodic IPU concentration peaks were 
observed by Johnson et al. (2001) in another chalk aquifer. During the present study, IPU 
concentrations were not correlated with discharge rates, which means that, contrary to what 
was observed for nitrate, something other than recharge controlled the IPU concentration. 

All periods of IPU detection, usually during winter or spring, followed crop treatment, IPU 
being applied either at the beginning of winter or during the spring, depending on rainfall and 
the farmers’ ability to reach their plots. The hydrological contexts during these two possible 
treatment periods were, however, different. Indeed, the spring applications (February–March) 
coinciding with the end of the aquifer recharge period, whereas winter applications 
(November–December) occur at the beginning of the recharge period. The existence of IPU 
peaks whatever the application period confirms the existence of a transfer mechanism other 
than and additional to the slow aquifer recharge by infiltration through the chalk matrix. 



The periods during which IPU was present at the outlet coincided in fact with periods of rapid 
increase in discharge, sometimes accompanied by an increase in mineral anion concentrations, 
which indicated immediate infiltration through rapid circulation pathways as particularly 
noticeable during the spring of 1993 and 1994 (Fig. 4). Up until the summer of 1995, IPU 
concentrations were significantly correlated with chloride and nitrate concentrations 
(r = 0.272 and 0.199, respectively). Since these two elements are markers of infiltration, their 
low correlations with IPU concentrations mean that a factor other than immediate infiltration 
governs the variations in IPU concentrations at the spring. This factor is likely to be the 
availability of IPU for leaching. Indeed, after application, IPU is available for leaching for 
only some weeks due to the onset of degradation processes and the formation of bound 
residues ([Perrin-Ganier et al., 1996], [Pieuchot et al., 1996] and [Walker et al., 2005]). These 
authors have reported that the delay between application and significant rainfall events affects 
the leaching losses. If, then, considering the years for which farmers have supplied data on 
application rates (1992–93 to 1996–97), we see that the higher IPU concentrations in 1995 
than in 1993 or 1994 cannot be associated with either an increase in the quantities applied by 
farmers, or with a change in the total surface areas treated. The supposed particularly short 
intervals (compared to other years) between the winter treatment in March 1995 and the 
episode of immediate infiltration that followed might explain the higher concentrations. 
Moreover, the high flow in March–April 1995 was higher than it had been during similar 
periods in previous years. Greater volumes of water infiltrated during the episodes of 
immediate infiltration in 1995 and this water made up a larger proportion of the total 
discharge, which is a mixture of the rapidly infiltrating water and the springs’ more slowly 
flowing base flow. Therefore, even if the IPU concentration in the infiltrating water was 
similar to what it had been during previous episodes due to similar farming practices, the 
greater proportion of this water in the total discharge could also explain the higher IPU 
concentrations during the winter of 1995 than during the high water stage in 1994. 

Over the entire study period and assuming that there was no major change in the use of IPU, 
the location of plots treated with IPU in the catchment is also likely to affect the signal 
recorded at the system’s outlet, that is to say the existence of peaks related to input and 
presenting variable amplitude. Indeed, as Johnson et al. (2001) showed, in areas where the 
chalk unsaturated zone is thin (5 m in their study) and low water potentials therefore exist 
throughout the profile during the recharge season, relatively small inputs of water will reduce 
the water potentials to the point where fissure flow will begin, which might lead to rapid 
infiltration. Haria et al. (2003) have also reported both rapid preferential flow and matrix flow 
processes under dry valleys, whereas on the interfluve site with the deep water table only 
matrix flow is observed. 

The global hydrodynamic context, with both dry and wet years, must also be taken into 
account because it affects the dynamics of fissure functioning. Brouyère et al. (2004), 
carrying out tracer injections in the unsaturated zone of a chalk aquifer, demonstrated the 
influence of water recharge. The tracer arrival times varied by about three orders of 
magnitude, depending upon gradient conditions that prevailed as a consequence of the dual 
porosity–dual permeability of chalk. They concluded that any contaminant present in the 
infiltrating water thus can very rapidly reach the water table by rapid downward migration 
through the fissure network when the fissures are active. 

Two IPU metabolites, MDIPU and DDIPU ([Kulshrestra and Mukerjee, 1986] and 
[Gaillardon and Sabar, 1994]), were analysed in the samples between December 1994 and 
May 1995 and between April 1998 and May 2006. DDIPU was never detected and MDIPU 



was detected only twice, on March 23, 1995 and on March 29, 1995 at very low 
concentrations of around 0.05 μg L−1. Besien et al. (2000) conducting IPU percolation tests in 
chalk columns (25 cm long, 10 cm wide) showed that IPU does not behave as a conservative 
tracer with, notably, a delay compared to bromide. They concluded, based on the low 
recovery rate of IPU compared to bromide, that IPU degrades during its transfer through the 
unsaturated zone but no data on metabolites were reported. Johnson et al. (2000) also showed 
that in certain cases, IPU could be degraded into MDIPU in chalk unsaturated or saturated 
zones. 

In this study, the absence of DDIPU detection might be due to the fact that this product does 
not appear in the first stages of biodegradation, whereas the very low number of MDIPU 
detections, a metabolite that appears in the first stage of biodegradation in the surface layers 
(Alletto et al., 2006), would be due to its rapid mineralization rather than to an absence of 
production (Sorensen and Aamand, 2001). The almost complete absence of the two 
metabolites agrees with the observations of Baran et al. (2007) who, during a 5.5-year study 
with a monthly measurements, never detected MDIPU or DDIPU at the outlet of a basin in 
which IPU had been very widely used for over a decade. 

ATR and metabolite concentration times series 

ATR and DEA (Fig. 3) were detected much more often than IPU at the system’s outlet (394 
and 393 times, respectively, in the 476 samples), and at higher concentrations (up to 
5.3 μg L−1 for ATR on May 20, 1994 and 1.86 μg L−1 for DEA on October 2, 1996), in spite 
of the fact that much less ATR than IPU (4.5–6 times less for the years 1992–93 to 1996–97, 
i.e., before the ATR application rate was reduced in 1997 and its use was banned in 
September 2003) had been applied in the watershed. DIA was detected sporadically at 
concentrations very near the quantification limit. These observations are in agreement with 
those made by Rowden et al. (2001) after studying a karst system over a period of 18 years: 
ATR, DEA and DIA concentrations exceeded 0.1 μg L−1 in 86%, 72% and 0% of their 
samples, respectively. Characterization of their mobility expressed as Koc (soil organic 
carbon/water ratio) and persistence expressed as DT50 (time in which half of the quantity 
disappears), two intrinsic properties linked to their physico-chemical characteristics (Table 1) 
can be combined to estimate the leaching potential of the molecule according to the GUS 
index (Gustafson, 1989). Few studies deal with both sorption and degradation of the three 
molecules in the same soil or geological material, thus reducing the possibilities of comparing 
the results between studies. GUS indexes determined on the same materials for the three 
molecules simultaneously, demonstrated the greater leaching potential of DEA compared to 
that of ATR and DIA, though all three molecules are considered as leachers ([Bottoni et al., 
1996] and [Fava et al., 2007]). 

The use of the liquid–solid extraction technique since 2005 has led to a better extraction of 
DIA and has shown the discontinuous presence of DIA in quantities higher than the detection 
limit, but lower than the quantification limit of around 0.03 μg L−1 in the spring water. This is 
in agreement with the results obtained for various other groundwater measurement 
programmes in which DIA was detected less frequently than DEA or ATR ([Kolpin et al., 
2000], [Kolpin et al., 2004], [Pucarevic et al., 2002], [Morvan et al., 2006] and [Rowden et 
al., 2001]). 

The potential greater mineralization of DIA than ATR (Kruger et al., 1993) and the 
preferential degradation of ATR into DEA rather than into DIA (Winkelmann and Klaine, 



1991) could explain this lower frequency of DIA detection at the spring in spite of its 
potential aptitude for being leached. 

Between 1993 and the end of 1998, the global variations in ATR concentrations seemed to be 
related to global variations in discharge with, notably, an increase in the ATR baseline after a 
period of heavy recharge that resulted in increased base-flow (Fig. 3). Thereafter, ATR 
concentrations generally decreased in spite of the heavy recharge and high discharge observed 
in 2001–03. On the other hand, the DEA concentrations generally followed the discharge 
variations. DEA is, in fact, significantly correlated with the discharge rate during the entire 
campaign (r = 0.282; n = 385), whereas ATR is not. 

As for IPU, some ATR peaks (e.g., May 19, 1994; April 30, 1996; May 22, 1997) seemed to 
be correlated with pesticide application periods (April, May) and could be explained in the 
same way by episodes of rapid infiltration occurring shortly after application (Figure 3 and 
Figure 4). Other peaks that did not coincide with application periods (e.g., October 2, 1996; 
January 27, 1994; December 4, 1996) showed that ATR, after a period of storage, can be 
leached several months later during episodes of immediate infiltration. The possible origin of 
this stored ATR is discussed below in next section. 

The ATR baseline, characterized by long duration and low amplitude, increased between 
December 1994 and the spring–summer of 1995 after recharge increased. During this period, 
slow infiltration is likely to be predominant. Thereafter, the baseline decreased rather sharply 
up until the summer of 1998, then much more slowly and steadily. The ATR concentration 
decreased while the discharge increased until 2002–03, meaning that the water reaching the 
aquifer via a rather slow transfer would not have been more contaminated in ATR than the 
1994–95 recharge water. 

DEA, an ATR metabolite ([Muir and Baker, 1978] and [Sirons et al., 1973]) often detected in 
soil ([Adams and Thurman, 1991] and [Baluch et al., 1993]) and groundwater (Kolpin et al., 
1998), has, like its parent molecule, been detected more systematically since the end of 1994 
but, unlike ATR, with a notable increase in the baseline. DEA was also detected in peaks 
associated with episodes of immediate infiltration. The persistence of ATR and DEA almost 
three years after the last ATR application was in agreement with observations made at other 
sites where the quantities of ATR applied have decreased sharply (Lapworth and Gooddy, 
2006) or have even been nil for several years (Baran et al., 2007). The ATR observed in the 
spring, not as a concentration peak but as the baseline, can therefore clearly not be related to 
application in that same year. Unfortunately, the actual transfer time can not be determined 
with the data available. 

An indirection estimation of transfer time can be approached by using the DAR ratio 
proposed by Adams and Thurman (1991). Working on soil and the vadose zone, they 
demonstrated that the ratio of molar concentrations of DEA to ATR (called DAR) is 
proportional to the transfer time. Pasquarell and Boyer (1996), considering time series in a 
karst system, suggested a modified definition of the DAR* (DEA molar concentration/DEA 
molar concentration + ATR molar concentration) in order to get around the problem of many 
samples with ATR concentrations below the quantification limit. Here (Fig. 3), the extreme 
values 0 and 1 of DAR* (i.e., only ATR or DEA are quantified, respectively) are rare, values 
of 1 being preferentially observed in the second part of the time series when ATR applications 
were reduced and then stopped. Considering the general trend, many DAR* values are below 
0.5 before 1998 and increased after this date. These observations are consistent with the flow 



variations during the monitoring period. The increase of flow rate corresponded to an increase 
of the diffuse recharge, the composition of which suggested a transfer time sufficient to allow 
degradation of ATR in soil, vadose or saturated zones. During the first part of the monitoring 
period, when discharge was lower, the DAR* suggested that the mean time-transfer was 
shorter and degradation shortened. Besides the general trend, short-time variations of DAR* 
were also observed and especially values equal to 0 in relation with the ATR application 
periods (springs 1994, 1995, 1997, 1998 and 1999) suggesting that rapid infiltration of water 
and ATR occurred from the soil to the outlet of the system a few days or weeks after the 
application. 

The ATR degradation could theoretically take place in soil ([Adams and Thurman, 1991] and 
[Baluch et al., 1993]) or the vadose zone (Issa and Wood, 1999). Studies of biodegradation in 
saturated zones are rare. Johnson et al. (2000) showed that ATR is not degraded in a saturated 
zone of the chalk aquifer and Pearson et al. (2006) concluded that there was no acclimatized 
bacterial community featuring positive ATR degraders within a chalk aquifer known to be 
contaminated by ATR at concentrations varying between 0.02 and 0.2 μg L−1. Kristensen et 
al. (2001) demonstrated that the mineralization of aged atrazine in aquifer chalk with 
inoculated bacteria known to mineralize ATR was reduced with increasing residence time of 
ATR. As no specific experiments were done for this study, it is not possible to conclude on 
the respective contribution of each compartment (soil, vadose and saturated zones) to ATR 
degradation. 

Calculation of fluxes at the outlet of the basin 

The daily outfluxes of solute Fd were calculated in the following way: 

Fd ðlg d_1Þ ¼ Cd _ Qd 
 
where Cd is the concentration measured at the spring on day d or linearly interpolated between 
two measured values (μg L−1). When the measured concentration is below the detection limit, 
Cd is considered to be equal to the detection limit divided by 2 (Farnham et al., 2002). Qd is 
the mean daily stream flow measured at the weir (L d−1). 

Cumulative fluxes were calculated for hydrologic years. Unfortunately, the fluxes could not 
be estimated for all years because there are gaps in the discharge data (e.g., 2000–01 and 
2003–04) and/or solute data (1991–92 and 2004–05 for nitrate and 1999–2000 and 2004–05 
for pesticides). The nitrate and pesticide output fluxes are therefore available for only nine 
years, although data for discharge and nitrate (the first two parameters to be measured) are 
available for 17 hydrological cycles. The quantities of nitrate flowing out of the system at the 
springs varied by a factor of almost 3, from 54 t (1992–93) to 141 t (1998–99) – a factor that 
is assumed to be far greater than a potential increase in the quantity of nitrogen applied. This 
hypothesis agrees with the data available on nitrogen sales for the region. 

On the other hand, although the input rate of pesticides is not precisely known, it is possible to 
calculate the mass balance of input and output rates for the system for a given hydrological 
year. For ATR, the cumulated flux of ATR+DEA at the system’s outlet varies between 469 g 
(1993–94) and 915 g (1996–97), which represents 0.26% and 0.57% of the reported input for 
these years, respectively. These values are surely overestimated because it is probable that 
some input was not taken into account since only 50–60% of the basin’s farmers provided 



information on pesticide practices. Indeed, no extrapolation of the data was made to cover the 
whole catchment. 

Since the ATR detected in any given year actually resulted from inputs during previous years 
as demonstrated by the continuous detection of ATR almost three years after the last ATR 
applications, an estimation of the output rate based on average practices could be more 
reliable. Considering a surface area of 250 ha of corn treated with 1500 g ha−1, the annual 
minimum and maximum output rates of ATR + DEA would represent between 0.11% and 
0.24% of the quantity of ATR applied. 

Considering that the Trois Fontaines springs represent about 50% of the total discharge and 
assuming that the water flowing through the other outlets is of similar quality (Lasne, 1992), 
the output rate for ATR and DEA remains low – less than 0.5% of the average quantities 
applied annually. These fluxes are similar to those commonly measured below the root zone 
(Flury, 1996). 

For IPU, regardless of the year considered, the output rate at the springs represented less than 
0.03% of the quantities applied and therefore less than 0.06% on the system-scale, a value 
much lower than the 0.2% of applied mass obtained as a worst-case in a field-measured 
estimate of IPU loading to a shallow unconfined chalk aquifer (Haria et al., 2003) but similar 
to the 0.02% estimated by Morvan et al. (2006). 

Characterization of recharge water 

In order to characterize the composition of the infiltrating water, the principle of mass 
conservation to ion fluxes was applied. According to this principle, QC = Q1C1 + Q2C2 where 
Q is the discharge at the spring, C is the ion concentration measured at the spring, Q1 is the 
base flow (taken as 45 L s−1, lowest values observed during the whole study period), Q2 is the 
part of the total discharge associated with recharge (with Q = Q1 + Q2), C1 is the ion 
concentration in the base flow water and C2 is the ion concentration in the recharge water. 
Considering that the two reservoirs (base flow water and recharge water) mix perfectly, the 
equation C = (Q1 (C1 − C2))/Q + C2 is a straight line of the type ax + b. This simple mixing 
model of two reservoirs was tested for the different solutes measured at the spring. When 
considering average nitrate concentrations and the inverse of the average discharge per 
hydrological year (calculated arithmetically even though some data are missing), a significant 
correlation (r = −0.86; n = 17) was obtained, which confirms the hypothesis that the water 
drained at the outlet of the system corresponded to an almost perfect mixing of two reservoirs. 
This approach also enabled estimating the nitrate concentration in the infiltrating water to be 
around 68 mg L−1. A significant correlation (r = − 0.87; n = 13) was also found for average 
DEA concentrations and the inverse of the average discharge again suggesting that the DEA 
concentrations observed at the spring correspond to a mixing between two reservoirs. 
Following the scheme, the DEA concentrations of the infiltrating water were estimated at 
around 0.21 μg L−1. However, no correlation was found between l/Q and the ATR or IPU 
concentrations, suggesting that the hypothesis of the mixing of two reservoirs is not relevant 
for these compounds. This suggests that, contrary to nitrate and DEA, the infiltrating water 
has highly variable ATR and IPU concentrations over time, a variability that might be related 
to occurrences of temporally isolated agricultural inputs and to variability over time of 
degradation and the formation of bound residues, notably for IPU as discussed above. This 
indicates that a more complex model of mixing of two reservoirs must be probably involved 
for the two parent compounds. 



The calculation presented above is highly theoretical since it is done for all of the years using 
an arithmetic average due to data gaps. However, it leads to a strong indication of the 
contribution of a reservoir with a relatively stable (during decades) quality as concerns nitrate 
and DEA. Assuming that no factor (radical change in farming practices, for example) would 
appear, this is an important observation in order to predict the evolution of water quality. 
Indeed, maximum nitrate and DEA concentrations might not have been reached and could 
actually be as high as around 68 mg L−1 and 0.2 μg L−1, respectively. These would be 
“average” concentrations, to which the concentration peaks associated with immediate 
infiltration, which we can neither predict nor quantify, would be added. This prediction might 
represent a worst-case for DEA to the extent that the absence of ATR input since 2003 should 
lead, in the coming years, to diminishing quantities of DEA transiting through or able to be 
mobilized in the unsaturated and saturated zones. Allowing that, as opposed to what occurs in 
the soil, nitrate and pesticides are not (or usually to a very limited extent) transformed below 
the root zone and that slow infiltration concerns only a small volume of chalk each year, the 
quantity of nitrate and DEA stored in the unsaturated zone would be relatively constant over a 
period of several years. The localization and quantification of solutes (nitrate, ATR, DEA) 
reservoirs and the conditions required for their remobilization remain to be determined. 
Indeed, although it is evident that soils constitute a large reservoir for nitrate and some 
pesticides, they might not be the only reservoir. The evidence that nitrate is stored in the 
unsaturated zone and that some of it migrates slowly through the matrix was previously 
demonstrated but no evidence has yet been reported of pesticides stored in the unsaturated 
zone. Johnson et al. (2001) detected IPU only down to a depth of 1.3 m in chalk two years 
after application. Theories suggested to explain the absence of detection in deeper levels 
include the lack of penetration of IPU in the chalk matrix, migration accompanied by in situ 
degradation, and the presence of IPU at quantities below the detection limit of the extraction 
and analytical methods used. The last hypothesis has also been suggested by Brouyère et al. 
(2004), who did not detect any lenacil (<5 μg kg−1) below a depth of 0.5 m in chalk 
underlying loess despite the fact that it is used every year. 

The remobilization of solutes could also concern the seasonally unsaturated zone – the part of 
the unconfined aquifer that lies between the highest and lowest groundwater levels. Indeed, 
Fretwell et al. (2005) showed in a chalk system that when the water table rises to a level rich 
in solutes (chloride, chlorinated hydrocarbons), the solutes are remobilized. Fissures become 
saturated and under the effect of concentration gradients, solutes pass from the matrix to the 
groundwater. In the present case, where the piezometric variation at the Bissaugerie well was 
17 m, this seasonally unsaturated zone might have contributed to the remobilization of 
solutes, assuming that the water table rose sufficiently to reach to depths that were 
contaminated by the solutes migrating in the matrix by convection–dispersion processes. 

The remobilization of solutes would therefore be a result of two mechanisms. The pesticides 
could be mobilized and transported from the soil and unsaturated zone by rapid by-pass flow 
through the unsaturated and saturated zones when the fissures are active, or the rising 
groundwater levels could leach the pollutants from the seasonally unsaturated zone. Both 
mechanisms might also be involved (Lapworth and Gooddy, 2006). The contribution of each 
of these two mechanisms probably varies temporally depending on the weather and spatially 
depending on the location within the basin (i.e., the thickness of the unsaturated zone). 

 

 



Conclusion 

The Trois Fontaines aquifer system was monitored in terms of discharge and piezometric 
level over a period of 17 hydrological cycles, with the concentrations of various pesticides at 
the system’s main outlet being determined every 10 days, on average, since 1993. Time series 
of pesticide concentrations at the system’s outlet were different and highly variable over time 
for each pesticide. The phenylurea IPU, the most widely used pesticide, was detected less 
often than ATR (which has not been used since 2003) and its metabolite DEA. These variable 
detection frequencies highlight the significant effect of pesticide properties on groundwater 
contamination. 

Less than 0.6% of the applied quantities of ATR and IPU left the basin annually, even when 
their main metabolites were included in mass balance calculations. This low output rate, 
similar to the flux of pesticides commonly measured at the bottom of the root zone, 
nevertheless caused intermittent exceedance of the European guideline value for drinking 
water (0.1 μg L−1). 

The quality of the water at the system’s outlet resulted from a mixing of waters of different 
composition and origin. The study of the hydrodynamic functioning of the system based on 
discharge time series, piezometric monitoring, and the use of nitrate and chloride tracers 
enabled us to identify the different infiltration mechanisms that combine and transport these 
different waters. The variable contribution of each of these waters depending on the weather 
partly explained the variable groundwater quality at the spring. While the pesticide 
concentrations were relatively constant during periods of low flow, episodes of rapid 
infiltration can lead to a rapid and short-term increase in discharge accompanied by a 
significant increase in pesticide concentrations, provided that the latter are available for 
leaching. Such peaks could be seen for the two pesticides during the weeks following their 
application. When dry years were followed by wet years, there was an increase in base flow 
from the spring, accompanied by an increase in ATR and DEA concentrations, a sign that 
these molecules also infiltrated more slowly through the porous matrix than through the 
fissures. 

Pesticide-concentration time series at the spring appeared, therefore, to be controlled by both 
water transport mechanisms and pesticides properties. Long-term monitoring that included 
periods of both water deficit and recharge made it possible to identify, although not quantify 
at the basin scale, the role of each factor and explain the observed variations in 
concentrations. The interpretation of data observed at the basin’s outlet and the prediction of 
the evolution of groundwater quality will only be possible if the transfer of the water and 
solutes is understood. These aspects are particularly relevant to explain and predict 
groundwater quality trends, aspects that should be taken into account by the European Ground 
Water Directive. 
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Figures 
 

 
 
Figure 1. Location of the Trois Fontaines karst aquifer and piezometric map (September 
1990). 
 

 
 
Figure 2. Precipitations during the period 1982–2005. 



 

 
 
Figure 3. Time series of atrazine, deethylatrazine (DEA), modified deethylatrazine/atrazine 
ratio (DAR*), isoproturon, chloride and nitrate, and flow rate at the Trois Fontaines Spring 
from January 1989 till May 2006. (Pesticide concentrations below the quantification limit are 
represented equal to 0.) 
 



 
 
Figure 4. Focus on time series of atrazine, deethylatrazine (DEA), isoproturon, chloride and 
nitrate and flow rate at the Trois Fontaines spring from October 1992 till October 1994. 
(Pesticide concentrations below the quantification limit are represented equal to 0.) 
 



 
 
Figure 5. Variation of piezometric head at the Bissaugerie well from January 1989 till May 
2006. 
 
 
Tables 
 
Table 1. : Properties of the studied pesticides and their metabolites (adapted from Footprint, 
2006) 

Common 
name Group Molecular 

weight (g) 

Kow 
(pH 7; 
20 °C) 

Solubility 
(mg L−1 – 
20 °C) 

Henry law 
constant 
(Pa m3 mol−1) 

Vapour 
pressure 
(mPa – 
25 °C) 

Atrazine Triazine 215.7 2.7 35 1.50 × 10−4 4 × 10−2 

DEA Metabolite 187.6 1.51 3200 1.55 × 10−4 12.44 

DIA Metabolite 173.6 1.15 670 1.52 × 10−5 nd 

Isoproturon Phenyl 
urea 206.3 2.5 70.2 1.46 × 10−5 5.55 × 10−3 

MDIPU Metabolite 192.3 nd nd nd nd 

DDIPU Metabolite 178.2 nd nd nd nd 

nd: No data available. 

 


